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Parameter | Meaning Value Unit
Speciation
PHinfluent Acidity of the influent unitless
pB Buffering capacity unitless
pH Acidity of the medium in the aeration tank unitless
pK, Acid dissociation constant of CEC unitless
AGgop Activation energy for degradation of BOD 25 kJ-mol™
Csop Stoichiometric conversion factor for conversion of BOD to H* 1 unitless
[BOD] Biological oxygen demand of influent kg-L™
T Temperature Kelvin
R Ideal gas constant 8.314-10° kJ-mol™* Kelvin™
[cOoD] Chemical oxygen demand in primary influent kg-L™
[TSS] Concentration of total bio-inactive suspended solids in primary influent kg-L™
Krssyw Equilibrium constant for sorption of CEC to TSS Lkg™
Komyw Equilibrium constant for sorption of CEC to organic matter in TSS Lkg™
AGowyw Free energy for sorption of CEC to organic matter in TSS kJ-mol™
AGy, Hydrophobic component of AGowyw kJ-mol™
AG, lonic exchange component of AGoyw for cationic CECs 55 kJ-mol™
fom Fraction of TSS that contains carbon 1 unitless
P Density of TSS 14 kgL™
hom/hoct Effectivity of hydrophobic binding to TSS over octanol 0.3 unitless
AGocyw Free energy of moving a CEC from water phase to octanol phase kJ-mol™*
Krss/w,cecn Equilibrium constant for sorption of neutral CEC species to TSS Lkg™
Krss/w, cecion Equilibrium constant for sorption of charged CEC species to TSS Lkg™
Konyw,cecn Equilibrium constant for sorption of neutral CEC species to OM Lkg™
Komyw,cecion | Equilibrium constant for sorption of charged CEC species to OM L -kg'l
Biodegradation
AGersy’ Average EFSA activation energy 65.4 kJ-mol™*
AGCEC,,edOXi Redox-dependent contribution of CEC to average EFSA act. energy kJ-mol™
Keec 2" order rate constant for biodegradation of CEC L-mol*hr?
Kersa Log-average 2™ order rate constant for biodeg. of CECs by EFSA L-mol*hr?
Acec Frequency factor of CEC L-mol*hr?
Aersa Log-average frequency factor of CECs by EFSA L-mol*hr?
HRT Hydraulic retention time of the mixing aeration tank hours
Keecn 2" rate constant for biodegradation of neutral CEC species by QSPR calc. L-mol*hr?
Kcecion 2" rate constant for biodegradation of charged CEC species by QSPR calc. L-mol*hr?
Kcec aspr Apparent 2™ rate constant for biodeg. of CEC as function of pH (QSPR calc.) L-mol*hr?
Keesa,aspr Average 2" order rate constant for EFSA CECs by QSPR calculation L-mol*hr?
Veee Stoichiometric ratio for production of active CEC-degrading biomass unitless
[CECinfiuent Concentration of CEC in the WWTP influent mol-L*
[CEC]crsa Log-average of concentration of CECs as used by EFSA in biodeg. exps. 3-10° mol L*
[CEC]w Concentration of CEC in the mixing aeration tank molL™
[Eced] Active CEC-degrading biomass induced by CEC mol L*
[CEC]egene | Concentration of CEC in the effluent water of the aeration tank mol-L*
k 1" rate constant for biodegradation of CEC in aeration tank hours™
Removal Percentage of [CEC] removed by biodegradation in the aeration tank %
B Microbiota diversity Fitted result | unitless
kso 1* order rate constant at which aerobic tank removes 50% of [CEC] Fitted result | hours™
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Figure S1. Schematic representation of the processes parametrized in this study. Tick marks on the x-axis represent 4
different temporal domains (not to scale) over which the local equilibrium assumption (LEA) assumption was applied.
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S1. Acidity (fastest)

According to the local equilibrium assumption (LEA), we describe the parametrization of the
fastest process first [1]. We assume that, with respect to sorption (Section S2), pH speciation is
effectively instantaneous. In absence of (in situ) experimental (monitoring) data for pH and buffering
(B) capacity, we calculated the pH according to:

Eq.S1 pH = pHinfluent + (AyrrpH — pB)

The endemic pH (pHisfwen:) Of the wastewater is 7.4-7.8 under which, on average, all WTTPs
(optimally) operate.

The pH values, however, are subject to changes as a result of nitrification prior or during the
treatment [2, 3]). E.g., nitrification (oxidation) of NH," produces H’,

Eqg. S2 2NHf + 40, - 2NO3 + 2H,0 + 4H*

and decomposition of organic carbon produces carbon dioxide as an oxidation product:
CO,+0,>C0,+x0, with a maximum stoichiometry (c) of 1, and rates related to the oxidation state
(~x) of BOD (2%2) in wastewater, relative to CO, (4). The influence of temperature on Eq. S2 is
equivalent to that of AG*met/RT (Eg. S6). CO, in turn can acidify the wastewater via Eq. S3-5,
intricately linking pH, BOD and N status:

Eq. S4 CO,(1) + Hy0 + CO2~ = 2HCO5
Eq. S5 CO,(1) + OH- = HCO;

in which all species participate with stoichiometries c of 1.

pH and dissolved O, determine the redox state of the wastewater; hence, [0,] and O,
consumption are indicators of pH. Therefore, we calculated acidity (pH) changes (A) from changes in
BOD, including changes in concentrations of NH," [4, 5]. We assume O, levels to be in excess and
constant, so that BOD corresponds to C/N to be oxidized.

We determined the effective stoichiometries ¢ for [H'] production in wastewater treatment
semi-empirically, by solving rate equations:

AGEOD
Eq. S6 104HRTPH=DB = [[H+](t) dt « e T rr ) . [BOD]BOD

Wherein [0,] is in excess (hence, irrelevant). We take a factor ~2 bacterial metabolic activity
(respiration, metabolism) increase per 15°C, i.e., an apparent average ‘activation energy’ AG'gop =
2515 kJ/mol [6-8] (lower, i.e., more efficient, than a ‘universal’ 50-60 kimol™ [9, 10] (Section S3)
implying specialized oxidation of (mostly) organic carbon in WWTPs under ‘normal’, i.e., equilibrated
(optimized/acclimated) conditions. The narrow margin of AG*g0p represents a constant BOD type to
which bacteria have uniformly adapted (i.e., no in situ phase changes [11]). BOD consisting of lipids,
carbohydrates, etc. [12]. cggp is the stoichiometric coefficient, obtained by comparing:

Eq. S7 AprrpH — B = cgop - log(Ayrr[BOD])

We take as shape of [[H*](t) and [[BOD](t), the temporal evolution of pH&BOD in the reactors
(Eq. 6), exponential decay (analogous to CEC degradation in WWTP pseudo-steady state, S2.4).
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Acidification in situ also depends on the buffering capacity B of wastewater. We neglect
temperature influences on (bicarbonate) buffering. To accurately parametrize the influences of
Reactions 3-5, B needs to be taken into account. Wastewater characterization lacked info on B (e.g.,
alkalinity), we assume the contribution from BOD and TSS to B is constant among reactors. We
assume that CEC concentrations (ug/L) do not influence B.

1.E-07 A

1.E-08 A

[H+] (in effluent), mol/L

30 300 3000
CO, produced, mg/L

Fig. S2 Parametrizing pH and buffering effects in WWTPs. We constructed the relationships analogous to Lijklema et al. [2,
13] (BOD = 0.3COD) and implemented c=1. CO, production correlates with ammonia oxidation.
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Fig. S3. pH change following wastewater treatment (performance in terms of effluent nitrate and nitrite). Data from [14].

EPA states a maximum of 44 kgCO, per 32 kgBOD [15], c=1.00. Hence, studies applied 1.375
kg CO,/kg BOD [16] (i.e., a 1:1 mol ratio: ¢=1.00) [17]. Larger BOD/COD particles are more difficult to
degrade by microorganisms i.e., they have a lower CO, yield (require more O,). Oxidation of organic
matter may produce 0.986 gCO,/gBOD [18], in mol this implies c = (0.986/44))/(1/32) = 0.72. Others
found 0.95 kgCO,/kgBOD for carbon respiration (c=0.69) [19]. Eq. S7 gave ¢=1.050.10, Fig. S2. We
thereby applied values of ¢ = 1 for a homogeneous system. With ¢ we calculated free A[H"] changes,
i.e., 10°".

c values (at/close to theoretical maximum of 1.00) imply that within operation conditions
the volatilization amounts (stripping, Fig. S4) of CO, are negligible as compared to the amounts
produced [20, 21]; Fig. S2 [22]. This underpins the aquaphilic character of CO,, e.g. Henry constant
[23], and water/air partitioning (K) of ~30 (0.015:K+1 = (33%+4.5%)/33%, (0.015 =
ocean/atmosphere volume ratio: 3x108miles/2x101°miles) (2.3mmol CO, /kg seawater, hence, 2.3
mmol CO,/55.55 mol), thus minor release of CO,. In stabilization ponds (Fig S4) pH change is
reversed due to CO, evaporation: higher ABOD, more CO, to be evaporated, more pH increase.
Volatilizations of both CO, and CECs can be considered in future assessment.
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88 Fig. S4. pH change following BOD changes in wastewater stabilization ponds (HRT = 3.5-20.5 days). Data from Mansouri
89 [24].

logCOD
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91 Fig. S5. Refinery wastewater concentrations of mercury (y) and COD (x).
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S2. Bioavailability/Sorption (fast)

SimpleTreat uses a single (time-independent) value for TSS (to which CECs) sorb. We
implement TSS to calculate free (i.e., bioavailable) concentrations according to [25, 26]:

[CEC]influent

Eqg. S8 CECly=7—7"7""—

g [ lw Krss/w-[TSS]+1
BOD needs no bioavailability calculation as it is homogeneous. We take that 90% of TSS are removed

during primary treatment [27-29]. We take TSS (kg/L) concentrations from [14] via [TSS] = 1.5
[COD] - 45.0
2.8
sludges and raw sewage for all WWTPs (i.e., negligible sorption to e.g., minerals). We assume that,

with respect to biodegradation (Section S3), sorption is effectively instantaneous. Hence,
accountable via equilibrium partitioning and Henderson-Hasselbalch. We calculated Krss (L/kg) via
Krss = fom Kowmw/p (i-e., logKrss = Komw + logfom — logp), with density p=1.4 kg/L [31]. Since
approximately all TSS contains carbon, we take fou = 1. As aerobic tanks are well-mixed, we also
assume that sorption will be in effective equilibrium before any significant biodegradation can take
place in WWTPs. We obtained Komw (kg OC / L water) from:

— 5.4 [30]. We assumed binding exclusively to organic TSS (OM) in standard activated

_ _Komyw,cecy Kom/w ,cEC;,pion
Eq. S9 KOM/W(pH) = 1+109(PKa-pH) 1+10a(PH-DPKgq)

Wherein K’s are partitioning, pH is the acidity, a is 1/-1 for (basic/acidic CECs), see Section S1.

We assume that any change in enthalpy after sorption as a function of compound
characteristics is offset by entropy changes (AHop/w = TASom/w + AGomw)- See e.g., the strong
correlations between enthalpy and entropy [32, 33]. We thus need not distinguish between
entropy/enthalpy differences, and hence describe temperature effects via a Boltzmann distribution:

AGom/w
2.303RT

Eqg. S10 logKomw = —
With R = 8.314-10" kimol™K™, and wherein we calculated AG (kJ/mol) from:

We approximated hydrophobic AG,, binding energy values, via AGhzzo—MAGOCt/W, via octanol/water
Oct

(Oct/W) partitioning Kocyw values [34] which we assumed were scaled to standard conditions, i.e.,
correspond to a standard concentration [35] and T=15°C (hence, AGomw=-0.0592-logKommw)-
(hom/hoct) represents the effectivity of hydrophobic (inverse polar) binding to organic material (i.e.,
TSS) over octanol. AG. represents ionic binding.

Sorbent-sorbate geometry affects AG, and AG.. However, WWTP managers/operators do
not (continuously) monitor structures of relevant colloids in sludge. We take a single homogenous
type of OM, and a single binding mode. Empirically, we obtained hgu/ho = 0.3 (Fig. S6). Carbon
contents of 0.37 and 0.3 [36-38] apply for activated sludge and raw sewage, Fig. S6. Octanol has
~3.5x more fractional hydrophobic surface area (TSA/TPSA = 2 and 7) available for binding then
organic materials/molecules, e.g., humic acid (brown) and octanol (yellow, Fig. S6), substantiating
hom/hoct = 0.3 [39], similar to 0.23 [40]. We thereby applied (hom/hoe:) = 0.3. For organic cations we
take AG. = 5.5 kl/mol (logK:(2,303-R-T) = 1-2.303-8.314-288/1000=5.5 kJ/mol, Fig. S6), representing
physical adsorption due to (weak) ion exchange (e.g., metals complexed by organic molecules 6
kJ/mol [41-44] to e.g., phenolic and carboxylate groups.
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Regression slope and offset for anionic (red, Fig S6) compounds are identical to those for
neutral (black, Fig S6) compounds (within standard error). For cations, the slope of the regression
between logKow and logKemw is similar to the slope for neutral and anionic compounds (Fig. S6):
because the compounds have a similar hydrophobic binding mode. At low K,.w, the regression
slope may be low since CECs do not bind to hydrophobic OM [45]. Empirically, however, the binding
seems to occur to a mostly uniform binding matrix, meaning there is low heterogeneity in
hydrophobicity within OM [46]), Fig. S6. Thereby, we assumed a single OM type. Regression slopes in
[47] are dissimilar (0.47 for cations, 0.11 for anions), which is explained by the fact that Franco and
Trapp used Kosw for the neutral molecule, whereas we used the K, for molecule as they are
(de)protonated at pH7.4.

£
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70 y=028x+223
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Figure S6. Organic material/water (Komw) partitioning (y) estimated from octanol/water partitioning (x). Red=anions, Green=cations,
Black=neutrals (>50%). Experimental Komw values taken from [47] which we assume describe a constant density for OM, so that Komw
values (L/kg) are directly proportional to values for partitioning (unitless), hence do not affect parametrization.
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S3 Biodegradation (slow)

We take pH speciation and sorption equilibration as instantaneous relative to
biodegradation. We describe biodegradation of CECs therein according to:

| = [CEC]y,

Eq.S12 remova TTRHRT

With k as a first order biodegradation rate constant (hr?), equivalent to those obtained from
standardized biodegradability tests, e.g., OECD 301, 309 [48, 49] (wherein k-HRT=(k/kso)?). We
calculated biodegradation by assuming that chemical transformations occur via second order
kinetics:

Eq. S13 k = kcgc - [Ececl
Wherein [Ece] (e.g., in mol/L or cells/L) is the effective biomass is (equivalent to

_AG*cEc
Veee [CEClintivent/ (Kissyw TSS+1), see  Section $2;54), with kege = Acgce” C T 2[50]. We take
activation energies AG* e as 'apparent' values, by way of an active average for the range of enzymes
etc. present, and obtained it from:

F o ¥ ¥
Eq. S15 AGepe = AGgpgy T AGpe redox

In which we took for the reference value AG*EFSA = 65.4 k) mol™. This value is a median AG* for
neutrally-charged contaminants [50] with a 90% probability within 45.8-93.3 kimol™. The value
corresponds to a compound among the <5% most difficult to metabolize under conventional O,
respiration [51].

According to Boltzmann, a 20 kl/mol variation corresponds to a ~10* population ratio; this
value represents uptake enhancement (of BOD nutrients over CECs pollutants) [52, 53]. Lipids and
carbohydrates have Koy values of 10°*>, on average ~10 times higher than CECs 10%°**°[34, 53](S2).
The 90% probability relates partially to variance in chemical structure: an apparent mean of AG" for
84 heterogeneous (anionic, cationic, neutral, etc.) compounds (CEC) is 71(+4) kJ mol™. The variance
(+2SD) corresponds to a factor ~6 (= e™*") effect on ke at 15°C. We thereby calculated the

‘ H ’ t . .- . . .
perturbation’ AG g a0, due to variation in chemical structure:

k -k
Eq. S16-A AGEpcroqox = —RT - In (FECLSER2ERSAQSPR)

AcEc AEFsA

wherein we calculated preexponential ‘frequency’ factors Acec (e.g., Lmol'h™) by the method in [54]
(wherein units ht dividing by concentration (e.g., mol/L). The corresponding Keesa ospr @and Agesp are
averaged values of CECs evaluated by EFSA [50] obtained by chemoinformatic calculation [54]. We
thereby implement the dependence of kcc on temperature via the Arrhenius equation wherein we
take kcec as an apparent value. We calculate the apparent kcgc ospr from rate constants for different
protonation (speciation) states:

kcecy kCECion
1+109(®Ka-pH) 1+104(H-PKq)

Eq.S16-B kcecospr =

We obtained rate constant values kcecn and Kcecion (Lmol™h™) at T=15°C and for biodegradation by
chemoinformatic calculation from a quantitative structure-property relationship (QSPR) model from
Nolte et al. [54, 55]. Though bacteria can buffer to their own (internal) optimal (working) pH (range),
pH can shift in the medium [56]). We assumed that the k values as obtained from the QSBR model
represent a (reference) temperature (T;) of 15°C (i.e., are k;), and negligible back-transformation



188  (reverse) (i.e., k' for CEC’ = CEC not significant compared to CEC' - CEC”). We assume that Acgc
189  values are independent of temperature:

¥
{)

190  Eq.S17 kcger, = kcecr, e
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5S4 Biomass acclimation (slowest)

When running a steady-state model such as SimpleTreat, k values entered need to account
for acclimated biomass, which is often unknown. We do not differentiate between adaption
processes: either via increase of degrader biomass (e.g., Monod growth with lag phases of days), or
evolvement of enzymes (over ‘long’ time scales At, e.g., over months) capable of attacking CECs. The
apparent AG* decrease with increasing equilibrated acclimation [11]. Concentrations of CECs in
WWTPs can vary by orders of magnitude temporally (e.g., higher use and concentration of the
antipsychotic/depressant clopazine in winter than in summer [14, 57]). This can differentially induce
acclimation: ‘biomass cofactors’ [Ecec] which (further) stimulate CEC breakdown.

v,[CEC,]

-A[CEC,]

Fig. S7. Consumption of CEC, i.e., -A[CEC] (z-axis), can over time (x-axis) induce ‘biomass cofactors’ [E] (y-axis). [E]/A[CEC] is not a function
of t anymore at large At (e.g., months), mathematically At -> co. We parametrize the relationship between A[E]/A[CEC] at large t to
describe acclimation. In this illustrative example, Vcecr > Veeea (green vs. red).

We take that biodegradation is effectively instantaneous as compared to acclimation. We
take that acclimation taking place within the ‘small’ HRT (i.e., within dt) is not significant as
compared to acclimation (established) that has occurred (occurring) over months (over At), Fig. S7.
Varying CEC concentrations between subsequent (variable) HRTs does not significantly effectuate
enhancement in E because microbial acclimation is a slower process (e.g., multiple SRTs). In other
words, we assume that biomass E metabolizing CECs is in effective steady-state.

Elements (in a wider sense, ‘information’) of the CEC ‘partition’ into biomass via a yield v
leaving an imprint in terms of genetic material. Depending on stoichiometry, this partitioning
increases entropy and lowers free energy [58]. The stoichiometric comparison with BOD captures
cometabolism [57]. In AG = AH — TAS, higher T enables acclimation, in turn responsible for, when
bacteria are in a new ‘equilibrium’, more negative AG and lower AG*. We assume that T has no effect
on acclimation (A[E]/A[CEC]) within large At (acclimation times), Fig.S7. Experimental values for
acclimation in WWTP(-like) conditions are scarce. Instead, we assess acclimation via yields (v) by
solving stoichiometric equations (vcec € c[CEC]+ Xx[X] = e[Ecec]). We take Ecgc to be induced via the
machinery involved in carbohydrate, nucleic and amino acid metabolism (details in [57]). We
thereby calculated [Ecgc] according to [571]:

Eq.S18 AlEcgc] = A(vege - [CECly)

With A[CEC]y the CEC concentration that was lost during biodegradation in the secondary aerobic
tank. We performed regression (Figs 5;6) to give ks, and B values which are indicative of biomass and
represent 5x10™ cells/L as a representative average for background concentration of biomass [E], in
WWTP wastewater [59] degrading CECs [55]. v is a unitless stoichiometric ratio representing
effective yield for biomass cofactors Eccc involved in degrading CECs [57].



226
227

228
229

230

231
232
233
234

For our modelling, we assume that real-time concentrations [CEC] measured in WWTP

influent are (proportional to/representative of) long-term background concentrations as well: given
that d(A[CEC]) _ A[CEC] n d[CEC]

dt At dt
A[CEC . d[CEC . . . -
%(t - inf) = %(t — inf), so that concentrations measured translate into Ecgc. Implicitly,

as a result; HEeecl _ Alfeeel |4 1 (M) « dE (M) We thus assume that induction due to
dt At At dt

concentration differences d[CEC] within dt (hours) is negligible as compared to At (months): [CEC]
represents in situ concentrations that fed the WWTP in over longer periods of time (e.g., for
months). Future work may distinguish between long-term background and real-time concentrations
to refine analyses.

(with d/dt in the order of hours or days: HRT), we assume
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S5. Benchmarking activation energies

We can benchmark CEC activation energies on BOD activation energies. Taking Arrhenius,
and second order kinetics for CECs:

AG*
_~"CEC
Eq 519 kCEC = ACEC e RT
Eq. S20 k = [Ecgc] - ke
And for BOD:
_AGEOD
Eq 521 kBOD - ABOD e RT
Eq. S22 kpio,pop = [Egopl - kpop
We get by substitution and rearrangement:
k [E] A ~AGEpc+AGhop
Eq. 523 . BOD — CEC .e RT
kpiogop [Elcec  Apop
Which is equivalent to:
k [Elzop Apop t
Eq. S24 AG:..= —RT -1 ( : : ) AG
g CEC n kpiogop [Elcec Ackc +AGgop

Which can be used as a benchmark to acquire activation energies for CECs AGEEC, based on

comparison of experimental pseudo first order rate constants and the relative levels of acclimation

[Elz0p (anything over 1, implying lower acclimation than for BOD), while knowing AG;OD (e.g., 15-25

[Elcec

BO

kJ/mol). Frequency factors'j1 D describing interactions with E, depend on size and geometry [54].

CEC

As lipids, carbohydrates, etc. (i.e., BOD) are similar in size to some CECs, i’gﬂ = 1. Natural substances
CEC

(nutrients), have higher uptake (induction of transporters, etc., [E]) [52, 60]. For realistic situations

k__ [Elgop  Apop
kpio,pop [Elcec Ackc
AG;OD. E.g., AGé:Ec: =-2.3:In(1-10®)+20 = 65.4 kJ/mol, equal to the EFSA benchmark we used (S3).

and experiments we see that ln( ) attains a negative value, so that AGgEC >
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S6. Supplemental modelling results
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Figure S9. Observed removal (y-axis, in %) versus predicted pseudo first order biodegradation rate constant (h™, log-transformed). Data
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E: without AG*CEC and Acec. / with influent temperature and acclimation

F: including all parametrizations. / with Acec, AG*CEC, influent temperature and acclimation
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Figure S9B. Observed removal (y-axis, in %) versus predicted removal (y-axis, in %) based on log-logistic fit. Including all parametrizations. /
271 with Acee, AG' e, influent temperature and acclimation.
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Fig. S12 Predicted log k (x-values) versus observed WWTP CEC removals (y) with subtracting percentages of removal via
sorption in primary settling tank of the WWTP. Sorption percentages calculated without temperature-dependence (A:
R2=0.62) and pH-dependence (B: R2=0.61).
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S7. Back-transformation

To dose the effective concentration of (i.e., deactivate) drugs, the human body (liver)
produces hydrophilic (e.g., glucuronide and sulfate) conjugates that more rapidly exit the body [61].
Whereas >99% of gut bacteria are anaerobes [62], conditions shift in the WWTP as these promote
selection and promotion of oxygeneous bacteria and pathways that may utilize e.g. glucuronidates
[63]. As a result, we investigated potential back-transformation reactions therein [64], by calculating
removals in WWTP aeration (secondary) tanks via:

[CEC]inf,a - (1 - f)[CEC]eff,a

removal =
[CEC]inf,a

Here, f - [CEC].ss are concentrations of parent (p) CECs produced (back-transformed) in the
WWTP’s aeration (a) tanks. With f,_ . human as the fraction of parent CEC transformed into
metabolite (m) in human and fr,_p wwtp the fraction of metabolite back-transformed into parent in
the WWTP. With:

1 1
f= fp—>m,human 'fm—>p,wwtp = — : _3.
1+ ( [CEC]human ) Bnuman 1 ( [CECm]influent ) 'Bmﬂuent
[CEC] human,u [CECm] influent,u

with a fitted scaling factor B = 3 (cumulative log-normal fits in previous sections), as WWTP bacteria
are primarily of human origin [65] (bacteria make up <60% of fecal dry mass [66]) we take Bnuman =
Binfuent- [CEClhuman, is @ generic population-average therapeutically effective half-saturation constant
in plasma which, considering the common origin of (gut) bacteria, we take as [CEC]hymany =
[CEClinfient,n = 0.1 nM, representing marginal selectivity [67]. Due to a lack of experimental data, we
simplified, taking the value for all CECs, while obviously differences exist [68].

[CEC]human is @ population-wide average (therapeutically) relevant concentration of the CEC
in human plasma: the more people use it (at a prescribed constant dosing), the higher the
[CEC]infiuent, by which we assume CEChyman_, @and CEChyman are optimized towards each other in
each individual human (the more drug in plasma, induces higher p) [68], Fig. 12-2B. We assume a
maximum of 50% biotransformations:

[CEC]; fluent
[CECm]influent = — —Bruman
1+ ([CEC]M)
[CEC] human,u
d-[CEC];
[CEC]human _ [ ]mfluent

(d - [CEC] influent)_Bhuman
[CEC]human,u

d is a dilution factor (default = 1). Ranges calculated for f,..m numan, affected by dosing [68], match
those for experiments [69, 70]. The full constructed graph of Figure 11 (in the main document) is
given below.
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commonly apply [72, 73] .
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Outliers in Figure S13 include (super)hydrophobic (e.g., halogenated flame-retardants;
logKow>4). These hardly enter aeration tanks (low concentrations, Fig. S13) because of removal via
sedimentation/sorption beforehand. Outliers then attribute to variable sorption rendering
concentrations in aeration uncertain (see also K¢ of clarithromycin and roxithromycin [74]). The
longer and more chemicals reside in the environment, the more they will (have) induce(d)
corresponding metabolic machinery with lower IC50 values: compare e.g., ‘first generation’ (~1950-
1960s) herbicides to ‘next generation’ pharmaceuticals. Fluctuations in (day-to-day) concentrations
of CECs, e.g., around holidays [75, 76], may give rise to concentrations that do not correspond
(represent) the in-situ acclimation state.
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