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Environmental context. Contamination of shooting range soils by antimony (Sb) released from corroding
ammunition has become an issue of public environmental concern. Because many of these sites are subject
to waterlogging and consequently limited aeration, we performed column experiments with contaminated
shooting range soil to investigate Sb mobility under such conditions. The results are important for our
understanding of the risks arising from Sb-contaminated soils, and also for the derivation of appropriate
management strategies for such sites.

Abstract. Despite the environmental risks arising from antimony-contaminated sites, critical factors controlling the
mobility of Sb in soils have still not been fully identified to date. We performed column experiments to investigate how
reducing conditions affect Sb leaching from a calcareous shooting range soil, with a special focus on the relationship

between Sb release andmineral dissolution processes. After eluting the columns for 5 dayswith 15mM lactate solution at a
flow rate of 33 mm day�1, the flow was interrupted for 37 days and then resumed for another 5 days. With the transition to
moderately reducing conditions (,300mV) after 1 day of flow, effluent SbV andmanganese (Mn) concentrations showed

a concomitant increase, providing evidence that SbV associated to these phaseswas released by the reductive dissolution of
Mnminerals. The release of SbV was counteracted by the reduction to SbIII, which was first scavenged by iron (Fe) (hydr)
oxides and then slowly liberated again when the redox potential further decreased to Fe-reducing conditions. Laser

ablation–inductively coupled plasma–mass spectrometry revealed the presence of an initial pool of Sb associated with
Mn-containing, Fe-free phases, underpinning the important role of the latter in addition to Fe (hydr)oxides as Sb sorbents.
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Introduction

Antimony is an element of increasing industrial use, for example

in plastics, lead alloys, pigments or glassware.[1] As a conse-
quence, it is also increasingly released into the environment,
potentially leading to soil contamination of more than several

thousand milligrams per kilogram in places where it is mined,
used and disposed of.[2–4] A major source of Sb input into
the environment are shooting activities, as lead bullets contain

,2 to 5% of metallic Sb as a hardener.[1,5] In Switzerland, for
example, 10 to 25 tonnes (,10–25 Mg) of Sb enter the pedo-
sphere every year on more than 2000 shooting ranges[6,7]; and
in the United States, shooting activities deposit ,1900 tonnes

(,1.9 Gg) of Sb annually[8] on ,12 000 firing ranges.[9] Also
in Finland[10,11] and Norway,[12] contamination of shooting
range soils by Sb has become a focus of attention. Antimony

compounds are considered pollutants of primary concern[13,14]

because of their high acute toxicity, chronic health effects, and
potential carcinogenicity.[15] Despite the wide distribution of

Sb contamination and its well known toxicity, however, the
behaviour of Sb in the environment and the risks associated with

Sb contamination are still poorly understood.[16,17]

A key factor governing Sb mobility is the soil redox state,
which is closely related to the soil water regime. Many soils are

subject to strong variations in redox conditions, driven by
fluctuations in waterlogging and biological activity. The preva-
lent Sb redox species in oxic soils is SbV, which primarily exists

as Sb(OH)6
� (antimonate) in solution, whereas trivalent SbIII in

the form of the more toxic neutral species Sb(OH)3 (antimonite)
predominates under reducing conditions.[18] Iron (hydr)oxides
strongly retain both antimonate and antimonite, and are there-

fore widely believed to control Sb mobility in soils.[19–21]

Because antimonite binds more extensively to Fe (hydr)oxides
than antimonate at pHvalues,7,[19,20] moderately reducing soil

conditions are expected to decrease Sb mobility.[22,23] Batch
experiments, however, revealed that such immobilisation may
be only transitory and followed by a release of the previously
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bound antimonite, when Fe minerals become reductively dis-

solved upon further reduction.[8,22]

In a similar manner as Fe minerals, Mn (hydr)oxides have
been shown in studies with pure mineral systems to be strong

sorbents for Sb at circumneutral pH.[20,24–26] Little, however,
is still known about their role as Sb sorbents in real soils.[17]

In an experiment on paddy soil, Mn (hydr)oxides were not
considered important for Sb retention,[27] whereas in a study on

lake sediments, Sb was found to sorb onto Mn oxides even in
preference to Fe oxides.[28] As with Fe (hydr)oxides, antimonite
exhibits a much higher sorption affinity toMn (hydr)oxides than

antimonate.[20,24] Once bound to MnIII/IV mineral surfaces, SbIII

was found to be quickly oxidised and released as SbV.[20,24,25]

Unlike Fe, thermodynamic equilibrium calculations predict that

reduction of MnIII/IV occurs at redox potentials above that of
SbV.[18,29,30] Both, the decrease in sorption sites as a result of
reductive dissolution and the oxidation of SbIII byMnIII/IV are
expected to promote Sbmobilisation, thereby increasing the risk

of Sb migration from soil into ground or surface waters.
Anaerobic incubation of batch microcosms with shooting

range soil indicated that SbV may in fact be released with the

reductive dissolution of Mn (hydr)oxides.[22] However, the
effect of Mn reduction on Sb mobility was overridden by
the initial desorption of SbV and the concomitant reduction of

SbV; thus it could not clearly be identified. In contrast, column
experiments may provide information on chemical reactions in
soil that cannot be obtained from studies under stagnant condi-

tions,[31] as theywill take into account effects that are associated
with transport processes. Flow-through soil columns may there-
fore be a powerful tool to separate the different phases of
reduction and desorption reactions because of the continuous

replacement of soil solution and the possibility to collect
samples in high temporal resolution.

The objective of this study was to investigate how changes

in soil redox conditions affect Sb release and retention under
advective transport, with a special focus on the interplay of
reductive Fe and Mn mineral dissolution and Sb (de)sorption

processes. Columns packed with contaminated shooting range
soil were eluted with 15 mM lactate solution to stimulate
microbial activity, interrupted by a stop-flow phase to simulate
waterlogging conditions. To our knowledge, this is the first

study addressing Sb leaching from reduced soil columns.

Materials and methods

All the chemicals used were of at least analytical grade. All

solutions were prepared with ultrapure deionised water
(.18 MO cm), and all glassware was rinsed with 0.3 M HNO3

(Sigma–Aldrich, Steinheim, Germany) and ultrapure water

before use.

Soil characteristics

The soil used in this study was a calcareous floodplain soil
(Fluvisol) collected from the surroundings of a stop butt (berm)

on a military shooting range (468510190N and 98300110E) near
the River Rhine in the vicinity of Chur in Eastern Switzerland.
The soil was taken from the surface horizon (0–30 cm), cleaned

of roots and sods, air-dried (,2-wt % water content) and passed
through a 2-mm sieve. The soil had a silt loam texture (US soil
taxonomy[32]), contained 15% CaCO3, 0.9% organic carbon

(determined by wet oxidation of organic matter using potassium
dichromate[33]) andwas slightly alkaline (pH7.8 in 0.01MCaCl2,
liquid/solid ratio¼ 5). Total Sb, Fe and Mn concentrations

measured by energy-dispersive X-ray fluorescence spectroscopy

(XRF;X-Laboratory 2000, Spectro, Kleve, Germany) in pressed
pellets were 21mg kg�1 Sb, 29 500mgkg�1 Fe and 820mg kg�1

Mn. XRF analysis of WEPAL reference soils 921, 989 and 995

(Wageningen, Netherlands) and Sb-spiked soil samples yielded
recoveries in the range of 97 to 101%. According to XRD
analyses (Bruker AXS D8 Advance, Karlsruhe, Germany),
the main minerals in the soil were quartz, calcite, muscovite

and chlorite.[34] The soil was the same that had been used
in a previous study on Sb reduction in a microcosm batch
experiment.[22]

Column experiments

The experiments were performed using four chromatographic

polypropylene columns (Büchi, Switzerland) with an inner
diameter of 4 cm. The columns were uniformly packed with
268 g of dry soil and capped with polyethylene frits (Büchi,
Flawil, Switzerland, 70–90-mm pore size). The resulting soil

packingwas 13.4 cm long and had a bulk density of 1.59 g cm�3.
The pore volume (PV), determined as the difference between
the weight of the saturated column and its dry weight, was

42� 0.8% (equivalent to 71� 1 mL, mean � s.d.). One of the
packed columns was treated with gamma radiation (25–75 Gy),
connected to sterilised tubings in a laminar flow hood (B. V.

Clean Air Techniek, Woerden, Netherlands) and run under
strictly sterile conditions. A peristaltic pump (Ismatec MPC
standard, Ismatec, Glattbrugg, Switzerland) was used to feed a

heat-sterilised (121 8C, 20 min) and degassed 15 mM sodium
lactate (Sigma–Aldrich) solution in up-flow mode through the
columns. The effect of lactate on Sb sorption was addressed in a
previous study on this soil.[22] Addition of 15-mM lactate was

shown to increase SbV equilibrium concentrations by competi-
tive adsorption and complexation, but did not have an effect on
Sb redox speciation. The feeding solution had a pH of 8.2 and a

redox potential (Eh) of ,270 mV. It was prepared freshly at
least every 48 h. Except for the phase of flow interruption,
the flow rate was kept at 33.2� 2.0 mm day�1 (mean � s.d.),

equivalent to ,6 PV per day, during the entire experiment
starting with the saturation (also with 15 mM Na lactate) of the
initially dry columns. For the sterilised column, the feeding
solution was passed through a sterile 0.22-mm filter (Millex GS,

Millipore, Billerica, MA, USA) before entering the column. All
columns were operated in darkness at 26� 1 8C (mean � s.d.)
in an incubator (Labtherm, Kühner, Birsfelden, Switzerland).

The start of the experiment (t¼ 0 days) was defined as the
time when effluent started to flow out of the column. Effluent
solution was collected in fractions of ,0.3 PV (sample size

24 mL) using a fraction collector (Büchi). Samples used for
the determination of total Sb, Mn and Fe concentrations were
collected in plastic vials containing 250 mL of concentrated

HNO3 (Merck, Darmstadt, Germany) to prevent Fe (hydr)oxide
precipitation (pre-acidified samples). For Sb speciation, pH and
Eh measurements, selected effluent samples (non-acidified
samples) were collected in vials without acid under argon

atmosphere to avoid contact with atmospheric oxygen.
After 5 days (,30 PV, first flow phase) the flowwas stopped

for 37 days (flow interruption) and resumed again for another

4 days (,23 PV, second flow phase) after SbIII concentrations
had reached a plateau. At different time points during the flow
interruption phase (i.e. 1, 2, 3, 5, 7, 10, 14, 19, 26 and 37 days

after interruption), 20 mL of soil solution were eluted by
resuming the flow at a rate of,100 mm day�1 for 20 min using
the same, freshly prepared feeding solution as before. The first
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5 mL of each of these samples were discarded to remove dead

water in the sampling system. The extraction of solution during
this phase was equivalent to an average flow rate of 1 PV in 5 to
19 days, depending on the frequency of sampling (compared to

4 h for the replacement of 1 PV soil solution during the flow
phase). Samples were collected under Ar and treated in the same
way as the non-acidified samples.

At the end of the experiment, a bromide tracer test was

carried out to determine the physical transport characteristics of
the packings (Supplementary material Fig. S1).

Solution sample analysis

The pre-acidified samples were passed through 0.2-mm nylon
filters (WICOM, Heppenheim, Germany) and analysed by
inductively coupled plasma–mass spectrometry (ICP-MS;

Varian ICP-MS 810, Middelburg, Netherlands) for total
dissolved Sb and by ICP-optical emission spectroscopy (ICP-
OES; Vista-MPX CCS simultaneous, Varian) for dissolved Fe
and Mn.

Eh and pHwere measured under Ar flow in the non-acidified
samples using a pH meter (Metrohm713, Zofingen, Switzerland)
equipped with a Pt redox electrode (reference electrode

Ag/AgCl, 6.0451.100, Metrohm) or with a pH electrode
(6.0259.100, Metrohm). Redox electrode readings are reported
as potential differences to a standard hydrogen electrode (Eh).

For Sb speciation, the solution samples were passed through
0.2-mmnylon filters (WICOM), stabilised with degassed 0.05M
ethylenediaminetetraacetic acid (EDTA) (Titriplex III, Merck)
and kept in 1-mL polyethylene vials under Ar atmosphere until

analysis. Antimony species were analysed using a slightly
modified version of the method described by Lintschinger
et al.[35] Briefly, a strong anion exchange column (Hamilton

PRP-X100, Bonaduz, Switzerland) was connected to the ICP-
MS described above. A mobile phase of 10 mM EDTA, 2 mM
potassium hydrogen phthalate (Fluka, Buchs, Switzerland) and

2%methanol (Biosolve, Valkenswaard, Netherlands) at pH 4.3,
was used for chromatographic separation. The flow rate was
1.25 mL min�1. Mixed calibration standards of SbV and SbIII in

0.05 M EDTA were freshly prepared before measurement using
1000 mg L�1 stock solutions of SbV (KSb(OH)6 dissolved in
water; Merck) and SbIII (Sb2O3 in 2 M HCl; Merck). The
quantification limits, determined as ten times the standard

deviation (s) of a 0.5 mg L�1 sample (n¼ 10), were 0.3 and
0.5 mg L�1 for SbV and SbIII respectively. The Sb recovery,
obtained by dividing the sum of measured SbIII and SbV

concentrations by the measured total Sb concentrations in the
soil solution, ranged from 61 to 101%. All Sb speciation
analyses were completed within 5 h of sampling.

A filtered aliquot of each sample collected for Sb speciation
was acidified to 10% HNO3 (Merck) and analysed (without
EDTA addition) for the same parameters as the pre-acidified
samples.

Elemental association of Sb in the study soil

Laser ablation (LA) ICP-MS was used for qualitative assess-
ment of elemental associations in the contaminated soil.

Samples of air-dried soil were embedded in epoxy resin, thin-
sectioned, polished and analysed for spatial distributions of
elements using an ESI NRW213 laser ablation system (Munich,

Germany) (Nd:YAG 213 nm), interfaced with an ICP-MS
(Agilent Technologies, Agilent 7500cx, Basel, Switzerland).
The ICP-MS octopole reaction system was pressurised with

5mLmin�1 helium. The laser was operated at an energy level of

70%with a fluence 20.96 J cm�2, a pulse repetition rate of 20Hz
and a scan speed of 10 mm s�1. Laser ablation was conducted
along 120 lines with a spot size of 5 mm, resulting in a mapped

area of 0.6 mm� 2.4 mm. By determing intensities instead of
absolute concentrations, potential problems in interpretation
and calibration as a result of differential ablation effects were
avoided. Scan data were processed and analysed using the

software package Iolite.[36]

Statistical data treatment

A linear regression to a significance level of P, 0.01 was
employed to compare the soluble Fe and Mn concentrations by
using the software R version 2.13.0 (The R Foundation for

Statistical Computing, Vienna, Austria, see http://www.r-
project.org, accessed 11 November 2014).

Results

Analysis of column effluent before flow interruption

During the first day of flow, effluent pH, redox potential and
metal(oid) concentrations did not differ between the two treat-
ments: the pH increased from 7.5 to 8.0 (Fig. 1e), whereas the

redox potential remained stable at,350 mV in the effluents of
both the sterilised and non-sterilised columns (Fig. 1f). In both
treatments, the total Sb concentration of the effluent increased
within 18 h from ,130 mg L�1 to a maximum of ,180 mg L�1

and then slightly decreased again (Fig. 1a). Antimony(III), Fe
and Mn concentrations (Fig. 1b–d) remained below or close to
their respective quantification limits (0.5 mg L�1, 0.1 mg L�1

and 0.08 mg L�1). Whereas total Sb concentrations tailed off
to,60 mg L�1 in effluent from the sterilised column at the end
of the first flow phase, Sb effluent concentrations from the

non-sterilised columns steeply increased, reaching a peak of
.300 mg L�1 after 10 PV (1.8 days). This increase was paral-
leled by an increase in Mn concentrations and a slight rise in pH

to 8.3 on day 2. Thereafter, total Sb concentrations gradually
decreased to ,35 mg L�1 on day 5, approaching and then even
slightly dropping lower than total Sb in the effluent from the
sterilised column, whereas Mn concentrations remained almost

constant at 1.3 mg L�1 until flow interruption. In contrast, Mn
remained low (,0.15 mg L�1) in leachate from the sterilised
column, and pH required 4 days to increase to a similar level as

in the effluent from the non-sterilised columns. Whereas SbIII

concentrations remained below the quantification level in the
effluent from the sterilised column, they started to slightly

increase after day 3 in the effluent from the non-sterilised col-
umns, reaching,1 mg L�1 SbIII at the onset of flow interruption
and thereby contributing 1–4% to total Sb leaching (Fig. 1b). At

almost the same time, the redox potential started to drop in the
non-sterilised columns to reach 250mVby day 5 before the flow
was interrupted, whereas it did not change in the effluent of the
sterilised column. No Fe (,0.1 mg L�1) was detected in the

effluent of either treatment.

Analysis of pore water samples collected
during flow interruption

During the first ,3 days after interrupting the flow (DAI), the
redox potential decreased from 250 to 0 mV in the pore water
from the non-sterilised columns and from 350 mV to values

,100–200 mV in the sterilised column, remaining approxi-
mately stable thereafter (Fig. 2f). The pH also remained fairly
stable in both treatments during this time. Following a slight
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decline after 5 DAI in the sterilised column, the pH values
became almost identical (,8) to those in the samples from the

non-sterilised columns (Fig. 2e). After interrupting the flow,
total Sb concentrations in the pore water of the sterilised
column increased steadily to ,140 mg L�1 until DAI 5 and

then remained at this level, whereas concentrations in the

non-sterilised columns fluctuated between 17 and 25 mg L�1

(Fig. 2a). Whereas SbIII in the sterilised column remained below

the quantification limit (0.5 mg L�1), the percentage of SbIII in
the solution samples from the non-sterilised columns gradually
increased from 10% on DAI 1 to 30% on DAI 5 (equivalent

to 1.5 and ,4 mg L�1 respectively, Fig. 2b). Soluble Fe
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concentrations also increased in the non-sterilised columns, but

over a longer time. After a steady increase, they reached a
maximum of 8mg L�1 on DAI 14 and then fluctuated between 4
and 7 mg L�1 (Fig. 2c). Manganese showed a bi-phasic pattern
in the non-sterilised columns: A rapid increase from 2 to

3 mg L�1 in the first 2 to 3 DAI and then, after a stable period,
another increase between DAI 10 and 15 to a maximum of
4.9 mg L�1, before gradually decreasing again to 3.5 mg L�1 by

DAI 37 (Fig. 2d). In contrast to SbIII and Fe, Mn concentrations
also increased in the sterilised column. This increase started
right after the flow was stopped and continued over the

entire duration of flow interruption reaching a level of 2 mg L�1

at the end.

Analysis of column effluent after flow interruption

After resuming flow, the redox potential in the effluent from
the sterilised column dropped with a short initial delay of 1 day
from 200 to 0 mV at the end of the second flow phase (Fig. 1f).
In contrast, Eh values in effluent from the non-sterilised col-

umns showed an increase, starting from ,�50 mV and grad-
ually reaching a similar redox potential to the sterile column at
the end of the experiment. During the same time, the pH

decreased from pH 7.9 to 7.4 in the non-sterilised and, after a
slight initial increase, from 8.1 to 7.7 in the sterilised column
(Fig. 1e). Total Sb concentrations in the effluent from the

sterilised column gradually decreased from,120 to 47 mg L�1

at the end of the experiment, while they remained stable at
,20 mg L�1 in effluent of the non-sterilised columns (Fig. 1a).

Concentrations of SbIII remained stable at,5 mg L�1 (and thus
also its percentage of total Sb) in the effluent from the non-
sterilised columns and below the quantification limit in the
effluent from the sterilised column (Fig. 1b). No Fe was

released from the sterilised column also during the last phase of
the experiment. In contrast, Fe concentrations in effluent from
the non-sterilised columns peaked at 10 mg L�1 immediately

after re-initiation of flow (42 days), then dropped to 4 mg L�1

within one day and subsequently increased again at an accel-
erating rate, reaching a value of 17 mg L�1 at the end of the

experiment without tendency of a stop in this trend (Fig. 1c).
Except for the sharp initial peak, the rate of Mn leaching from
the non-sterilised columns paralleled that of Fe, with effluents
reaching Mn concentrations of ,5 mg L�1 at the end of the

experiment (Fig. 1d). In the effluent from the sterilised column,

the Mn concentration decreased from 1.9 mg L�1 at the

beginning of the second flow phase to ,1.1 mg L�1 within a
few hours and then remained at this level until the end of the
experiment.

Elemental associations of Sb in the soil

The LA-ICP-MS analysis of the contaminated soil samples
revealed that Sbwas distributed in patches (Fig. 3). Four types of
Sb-rich ablated sample regions (ASR) could be distinguished

with respect to their elemental associations: (a) ASR exclusively
containing Sb andMn; (b) ARS in which Sbwas associated with
Fe, Pb and Cu, but not with Mn; (c) ASR in which Sb was

associated with Fe and Mn (but not with Pb or Cu) and (d) ASR
in which Sb was associated with Fe, Mn and Pb and, to a lesser
extent, also with Cu. We found no clear signals of associations

between Sb and Ca.

Discussion

SbV release upon Mn (hydr)oxide reduction

The fact that the sterilisation treatment showed no effect on

effluent pH, redox potential and metal(oid) concentrations at
the beginning of the experiment (,1 day) reveals that Sb
leaching in both treatments was not influenced by microbial

processes during this phase. After 1 day, however, strong dif-
ferences started to emerge in Mn concentrations (Fig. 1d),
because lack of oxygen and continuous supply of lactate for

microbial respiration led to Mn-reducing conditions in the non-
sterilised columns. The parallel increase in eluted Sb and Mn
during the second day of the experiment (Fig. 1a,d), which did
not occur in the sterilisation treatment, strongly suggests that

these two processes were coupled. During this phase of
increased Sb leaching from the non-sterilised columns, Sb was
exclusively present in the form of SbV, in agreement with X-ray

absorption near edge structure (XANES) data obtained in a
previous experiment with the same soil that revealed SbV as
the dominant species in the solid phase of the oxic soil.[22]

Thus, the additional peak of SbV in the effluent from the non-
sterilised columns was attributable to the release of sorbed SbV

from dissolving Mn phases. In fact, Mn (hydr)oxides are known
to be effective sorbents for SbV at circumneutral pH in pure-

mineral systems.[20,24–26] This explanation is also in agreement

Sb Fe Mn Pb Cu Ca

High
intensity

Low
intensity

Fig. 3. Reflected light microscopic image (left picture) and laser ablation–inductively coupled plasma–mass

spectrometry (LA-ICP-MS) elemental mapping of the corresponding area in contaminated shooting range soil

before leaching. The white frames indicate Sb-rich ablated sample regions (ASR).
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with our findings of Sb associations with Mn in the laser

ablation analysis. The simultaneous presence of Pb, Cu and Fe
with Mn in ASR types c and d (Fig. 3) suggests that these two
ASR directly originated from weathered bullets.[37] Reductive

dissolution of Sb-loaded Mn minerals provides the only plau-
sible explanation for the difference in Sb leaching between the
two sterilisation treatments in the first phase of the experiment,
as there were still no differences in other parameters that could

explain this effect.[38] Although the increase in Sb concentra-
tion during the first 18 h of the experiment may have been
caused by the initial increase in pH, the slight increase in pH

(Fig. 1e) on the second day (which was probably a result of the
consumption of protons with the reductive dissolution of Mn
(hydr)oxides) was too small to be the dominant cause of the

large Sb peak by itself. Sorption of SbV to Fe (hydr)oxides is
known to decrease with increasing pH above pH 7, but this can
explain only a very small part of the observed increase in SbV

that occurred parallel with the release of Mn in the non-

sterilised columns.[19] Other abiotic processes that have also
been suggested in the literature to mobilise Sb, such as rate-
limited desorption of SbV from Fe (hydr)oxides,[22] chemical

dissolution of Sb-bearing phases[7,39] or competitive desorp-
tion,[40] do not provide plausible explanations for the difference
in Sb release at the initial stages of the experiment between

columns with and without sterilisation treatment, although
they may have contributed to the release of Sb that occurred
independent of these treatments.

Although no consumption of lactate by soil microbial com-
munities was found before flow interruption in the sterilised
column (Supplementary material, Fig. S4b), the decrease in
lactate from ,540 mg C L�1 (equivalent to 15 mM lactate in

the feeding solution) to 90 mg C L�1 and the production of the
metabolites acetate and propionate after flow was interrupted
(Fig. S4b–d) shows that the sterilisation treatment did not

completely eliminate all microorganisms and that microbial
activity recovered with time in the sterilised column. For soil
sterilisation by gamma-radiation, we chose a moderate dose of

25–70 Gy to minimise inadvertent changes in soil chemical
properties, being aware that some radiation-resistant bacteria
are able to survive this dose.[41] Gradual recovery of microbial
activity also explains the increasing release of Mn and decrease

in Eh during flow interruption in the sterilisation treatment
(Fig. 2d,f). As in the non-sterilised columns, the leaching of
Mn was associated with an increased release of SbV (Fig. 2a),

suggesting that the same sequence of biogeochemical processes
was taking place in both treatments, just at very different rates
because of the initial suppression and only very slow recovery

of microbial activity in the case of the gamma-irradiation
treatment.

The relationship between Mn and SbV concentration in the

leachate in both treatments did not follow a simple proportion-
ality. Although Mn soon reached a plateau in the non-sterilised
columns before flow interruption, Sb concentrations continually
decreased after an initial peak; and, althoughMn concentrations

continued to increase in the pore water of the sterilised columns
during and again after flow interruption, the concentration of Sb
remained unchanged after an initial increase. This means in

both cases that the more Mn became dissolved, the less Sb was
released. This agrees with the view that Sb was primarily
released from surface sites of dissolving mineral Mn phases

and that part of it was re-adsorbed to freshly exposed surfaces
temporarily until these new surface sites were also eliminated,
as dissolution continued.

Sb immobilisation induced by reduction of SbV

The release of SbV from the non-sterilised columns was coun-

teracted by the transformation of SbV to SbIII, as indicated by the
slight increase in SbIII concentration that started ,3 to 4 days
after the beginning of the experiment. The conversion of SbV

into SbIII was microbially induced,[42,43] and may have been
enhanced by the oxidation of FeII[44] or sulfur[45] as soon as
Fe- and sulfate-reducing conditions developed (Fig. 2c and
Supplementary material, Fig. S3c). The delay of SbV reduction

relative to the reductive dissolution of Mn is in line with the
lower redox potential at thermodynamic equilibrium of SbV

reduction (,400mV forMnIII/IV[29] and,100mV for SbV[18] at

pH 8). Antimonite’s large sorption affinity to Fe (hydr)oxides
at alkaline pH[19,20,23] explains why SbIII concentrations still
remained low as long as no Fe reduction occurred, in close

agreement with results from recent studies on reduced mine and
paddy soil.[27,46]

Even under SbV reducing conditions, SbIII never exceeded

more than a third of the total concentration of Sb in solution
(Figs 1b, 2b). Again, this could be explained by Sb sorption to
Mn (hydr)oxides. In a similar manner to Fe (hydr)oxides, Mn
(hydr)oxides also have a much greater sorption affinity to

antimonite than antimonate,[20,24] but with a higher equilibrium
redox potential of MnIII/IV, this association is thermodynami-
cally labile. Therefore, SbIII sorbed to Mn (hydro)xides was

likely to be oxidised within hours to SbV and then liberated into
solution as a result of the lower sorption affinity of Mn (hydr)-
oxides for antimonate.[20,24] In contrast, SbIII sorbed toFe (hydr)-

oxides is thermodynamically stable at neutral or higher pH,[30]

suggesting that the dissolution of SbIII in soil environments is
much more controlled by Fe (hydr)oxides than by Mn minerals.

Sb dynamics under Fe-reducing conditions

The important role of Fe (hydr)oxides for the retention of anti-
monite was reflected by the increasing release of SbIII into soil
solution[22] of the non-sterilised columns during flow interrup-

tion. Concentrations of SbIII continued to increase after soluble
Mn had already reached a plateau, whereas Fe concentrations
kept rising (Fig. 2d), indicating that Fe-bound antimonite was
released into solution at this stage of the experiment. The lib-

eration of SbIII during the 37 days of flow interruption amounted
to ,0.01% of the total Sb initially present in the soil and was
thusmuch lower than in a recent microcosm study with the same

soil,[22] in which 1% (,20 mg L�1) of the total Sb in the soil was
released as SbIII within 21 days of anaerobic incubation. We
attribute this difference to the much larger amounts of Fe that

were reduced in the microcosm experiment, in which the molar
ratio of lactate to total Fe was 1.4, whereas it was ,100 times
smaller in the columns during the phase of flow interruption.

As a result, 2% of the total Fe in the soil was reductively
dissolved in the microcosm experiment, but not even 0.01%
was dissolved in the columns investigated here. The closer
lactate-to-Fe ratio led to a depletion of lactate during the flow

interruption (Supplementary material, Fig. S5). However, with
the re-supply of lactate and flush-out of metabolites in the sec-
ond flow phase (Fig. S4), microbial Fe reduction was reinitiated

after a short period of microbial acclimation to the new condi-
tions in the non-sterilised columns. As a consequence, Fe
reduction reached rates (6.5 mg Fe day�1 from day 44 onwards;

Fig. 1c) greatly exceeding those during flow interruption, when
only 0.5 mg of Fe were reduced within 37 days (Fig. 2c). Yet,
summarised over the whole experiment, less than 0.2% of the
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total Fe was eluted, and reductive Fe dissolution did not result in

a significant loss of sorption capacity. Thus, the soil kept its
potential to retain SbIII on its way through the column. As a
consequence, maximum SbIII concentrations remained low

(,5 mg L�1) and did not result in an overall increase in Sb
concentrations.

As MnIV/III is known to substitute for FeIII in goethite and
other commonly found Fe (hydr)oxides in soils,[47,48] the corre-

lation between Mn and Fe may indicate release of Mn that was
entrapped or incorporated in Fe (hydr)oxide phases following
the reductive dissolution of these minerals.

Sequestration of Sb into stibnite-like phases, which was
shown to occur in pure sulfidic solutions at pH# 6,[45] is not
likely to have controlled soluble Sb concentrations even though

sulfate-reducing conditions existed (Fig. S3c): First, at neutral to
alkaline pH, soluble thioantimonite species should predomi-
nate[18]; second, in the above-mentioned microcosm experi-
ment,[22] Sb K-edge XANES analysis of the reduced soil did not

indicate the presence of stibnite even under sulfate-reducing
conditions. However, Sb speciation and fate in sulfidic solutions
is still poorly understood and stibnite formation may govern Sb

solubility in soils with a lower pH. Effluent Fe concentrations
were closely correlated with Mn concentrations during the
second flow phase (R2¼ 0.85, P, 0.01).

Conclusions and practical implications

Although some studies have indicated the importance of Mn

(hydr)oxides as sorbent phases for Sb in pure mineral sys-
tems,[24–26] in river deposits[49] and lake sediments,[28] their role
in Sb mobility in soils has not been fully elucidated to date. This
study demonstrates that Mn (hydr)oxides can play a key role in

the mobility of Sb in natural soils. Our column experiments
showed that SbV leaching was closely linked to that of Mn,
indicating a direct cause–effect relationship to the reductive

dissolution of these minerals. In addition, the LA-ICP-MS
analyses revealed that Sb was directly associated with
Mn-containing phases. The results suggest that despite their

generally much lower concentrations in soils in comparison to
Fe minerals (,1/50 of the concentration of Fe oxides),[50] Mn
(hydr)oxides can exert a major control on the mobility of Sb in
contaminated soils, which has not been adequately recognised

up to now.With the transition from oxic to anaerobic conditions,
a situation often observed in poorly drained soils and typical for
water-logged soils with fluctuating water table,[51] SbV can be

mobilised as soon as reduction of MnIV and MnIII leads to the
dissolution ofMn (hydr)oxides. As amoderate decrease in redox
potential (generally by,200 mV[29]) may be sufficient to result

in MnIII/IV reduction as compared to FeIII reduction, it is
important to include the possibility of uncontrolled Sb release
into the environment from redox-variable soils in future risk

assessment studies. This risk has been considered rather low in
the past as it was assumed that under reducing conditions, the
reduction of SbV to SbIII would effectively immobilise Sb
because of the much stronger retention of antimonite compared

to antimonate by FeIII phases,[23,46] at least in soils with high pH
and as long as these Fe phases are not reductively dissolved.[22]

Supplementary material

Additional information on the bromide tracer experiment and
calcium, nitrate, sulfate, dissolved organic carbon and fatty acid

concentrations during the column experiment (Figs S1–S5 cited
in the text) is given in the Supplementary material, which is
available from the journal online.
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