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Environmental context. Predicting the environmental implications of nanotechnology is complex in part
because of the difficulty in studying nanoparticle uptake in organisms at environmentally realistic exposures.
Typically, high exposure concentrations are needed to detect accumulation and effects. We use labelled Ag
nanoparticles to determine whether Ag bioaccumulation responses are linear over concentrations likely to
occur in the environment, and whether concentration-dependent changes in agglomeration and dissolution
affect bioavailability.

Abstract. A major challenge in understanding the environmental implications of nanotechnology lies in studying
nanoparticle uptake in organisms at environmentally realistic exposure concentrations. Typically, high exposure

concentrations are needed to trigger measurable effects and to detect accumulation above background. But application
of tracer techniques can overcome these limitations. Here we synthesised, for the first time, citrate-coated Ag
nanoparticles using Ag that was 99.7% 109Ag. In addition to conducting reactivity and dissolution studies, we assessed
the bioavailability and toxicity of these isotopically modified Ag nanoparticles (109Ag NPs) to a freshwater snail under

conditions typical of nature.We showed that accumulation of 109Ag from 109AgNPs is detectable in the tissues ofLymnaea
stagnalis after 24-h exposure to aqueous concentrations as low as 6 ng L�1 as well as after 3 h of dietary exposure to
concentrations as low as 0.07 mg g�1. Silver uptake from unlabelled Ag NPs would not have been detected under similar

exposure conditions. Uptake rates of 109Ag from 109AgNPsmixed with food or dispersed in water were largely linear over
a wide range of concentrations. Particle dissolution was most important at low waterborne concentrations. We estimated
that 70% of the bioaccumulated 109Ag concentration in L. stagnalis at exposures,0.1 mgL�1 originated from the newly

solubilised Ag. Above this concentration, we predicted that 80% of the bioaccumulated 109Ag concentration originated
from the 109Ag NPs. It was not clear if agglomeration had a major influence on uptake rates.
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Introduction

The environmental risk of silver nanoparticles (Ag NPs) is a
highly topical focus of concern. Their production and use con-

tinue to increase, but much remains to be learned about their
environmental fate and effects. In particular, there is little
information on their bioavailability and toxicity at concentra-
tions that are likely to be seen in the environment. Modelling

studies estimate that AgNPs could be expected in natural waters
at concentrations of tens of nanograms per litre[1,2] and Ag
concentrations in the environment range from a few nanograms

per litre to a few micrograms per litre, at the most.[3] Yet, most
ecotoxicological studies addressing questions related to their
bioaccumulation and toxicity utilise exposure concentrations

orders of magnitude higher, that is milligrams per litre.[4–7]

High exposure concentrations are usually deemed necessary
in order to trigger measureable adverse effects from aqueous
Ag exposures.[5–7] Although such studies demonstrate the like-

lihood of effects from Ag NP exposure, there are several
reasons to suspect that they may not provide an adequate view
of either bioaccumulation or the environmental thresholds at
which adverse effects might be expected. First, a few studies

have shown that toxic effects are also possible at low concen-
trations (mgL�1) of Ag NPs.[8,9] Second, biological responses
as a function of Ag NP dose may not be linear over a wide

range of concentrations because of nanoparticle-specific and
concentration-dependent processes such as dissolution[10,11]

or aggregation.[12–14] Third, it is well known that orga-

nisms inherently have pre-existing concentrations of essential
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elements, and that this natural background impedes detection

of bioaccumulation at environmentally relevant exposure con-
centrations.[15,16] Furthermore, the uncertainties that come
with detecting a small excess of bioaccumulation by subtraction

between two larger numbers (i.e. pre- and post-exposure con-
centrations) especially add to potential errors in determinations
of bioaccumulation and the uptake rates that ultimately deter-
mine bioaccumulation.[17] The degree to which background

concentrations of non-essential elements like Ag add uncer-
tainties to determinations of uptake rates and adverse effects
has not been studied, however. Fourth, using low exposure

concentrations is especially important in maintaining the bio-
logical health of organisms when characterising physiological
processes such as those governing metal uptake and loss rates.

That is, use of non-stressed organisms is preferred to use of
organisms physiologically and biochemically stressed by high
metal exposures.[18,19]

One option to circumvent the confounding influences of high

metal exposures is application of tracer techniques.[20–22] The
most common types of tracers are radioisotopes[23] and enriched
stable isotopes.[20,24] Both share similar advantages such as low

detection limits and the ability to discriminate tracer from
background concentrations. However, complicated logistics,
handling and waste issues as well as the lack of suitable radio-

isotopes can be a problem when using radioisotope tracers. This
is especially problematic for experimentation with nanoparti-
cles. Enriched stable isotopes have the potential to overcome

many of these shortcomings. They have been employed to
define metal bioaccumulation processes[20,25,26] and to evaluate
bioavailability and toxicity.[21,26–28] Recently, enriched stable
metal isotopes have been used in the synthesis of nanoparticles

composed of the essential metals Cu and Zn, which provided
enhanced sensitivity when evaluating the rates at which these
particles delivered Cu and Zn to humans,[29] and to inverte-

brates.[15,16,27,30,31] Here we describe for the first time stable
isotope labelling for citrate-coated Ag nanoparticles using Ag
that was 99.7% 109Ag (109AgNPs).We used the freshwater snail

(Lymnaea stagnalis) to characterise their bioaccumulation and
toxicity at concentrations orders of magnitude lower than that
employed in many previous studies, thereby demonstrating that
stable isotope labelling can enhance detection sensitivity of Ag

uptake. These organisms are somewhat tolerant to Ag, but more
sensitive to Ag NPs in diet.[32] With this new technique,
heretofore difficult process-oriented questions can be addressed,

such as whether Ag bioaccumulation responses are linear over
the full range of concentrations likely to occur in different
environments, and whether concentration-dependent changes

in processes such as agglomeration and dissolution affect
bioaccumulation across wide concentration ranges.

Methodology

Experimental organisms

Freshwater snails (Lymnaea stagnalis) were reared in the lab-

oratory in moderately hard water (MHW, 96mgL�1 NaHCO3,
60mgL�1 CaSO4�2H2O, 60mgL�1 MgSO4, 4mgL�1 KCl,
pH 7.8[33]). To determine background Ag concentrations,

50 snails of varying sizes (mean soft tissue dry weight ranging
from 0.2 to 33mg) were randomly sampled and individually
frozen. To characterise 109Ag uptake after exposure to 109Agþ

(added as 109AgNO3) and 109Ag NPs, 220 snails (mean
soft tissue dry weight of 4.0� 0.3mg, 95% confidence inter-
val, CI) were transferred to a 10-L glass aquarium filled with

MHW 3 days prior to each experiment. Food was withheld

during this period.

Synthesis of isotopically modified Ag NPs
109Ag NPs capped with citrate were synthesised after reduction
of silver salts in sodium citrate, as described by Croteau et al.,[32]

except that isotopically enriched Ag nitrate was used as the
precursor. Specifically, isotopically enrichedAg (109Ag enriched

at 99%) in metal nitrate form (solid) was purchased from Trace
Sciences International (Wilmington, DE, USA). NaBH4 (0.6mL
of 10mM) was added to a mixture of sodium citrate (20mL of

1.25mM) and 109AgNO3 (0.5mL of 10mM). All chemicals used
(except for 109AgNO3) were of analytical grade and purchased
from Sigma–Aldrich (St Louis, MO, USA). The mixture was

vigorously stirred for 24 h at room temperature followed by7-day
aging in darkness (without stirring). Particles were then washed
(with 0.15mM Na–citrate) by centrifugation at 35 000 rpm
(at 17 8C for 3 h) using an L8-80M Beckman Coulter Ultracen-

trifuge (J6-MI, Beckman Coulter Inc. USA). The concentrated
stock suspension was kept in a tightly closed container protec-
ted from the light. The total Ag concentration (109Agþ 107Ag) in

the stock suspension (20mgL�1) was determined by inductively
coupled plasma–mass spectrometry (ICP-MS, see section
below). Synthesis of such labelled Ag NPs is discussed in more

detail, including aspects of yield, reproducibility and cost, by
Laycock et al.[34] Briefly, the synthesis protocol used in this study
provides a high yield (on average 78% as estimated by Laycock

et al.[34]). This is important because of the considerably higher
cost of highly enriched 109AgNO3 (used as a precursor in the
synthesis) compared to ‘regular’ AgNO3.With such a good yield,
the cost of producing 1mg of 109Ag NPs is ,US$5.

NP characterisation

The size and morphology of the NPs was evaluated using

transmission electron microscopy (TEM, Hitachi H1700,
100 kV, Hitachi, Japan). Particles were counted manually on
digital images (at least 100 particles) to provide the average size.

Samples for TEM imagingwere prepared by depositing a droplet
of undiluted 109Ag NP suspension on a 300-mesh carbon-coated
Cu grid (Agar Scientific, Stansted, UK) and allowing it to dry for
24 h at room temperature. The composition of the 109AgNPswas

confirmed by X-ray diffraction (XRD) using an Enraf Nonius
(Rotterdam, the Netherlands) coupled with an INES CPS 120
position sensitive detector with CoKa radiation. Phase identifi-

cation was performed using the STOE powder diffraction soft-
ware (STOE & Cie GmbH, Darmstadt, Germany) search and
match feature with the ICDD database. The UV-Vis absorption

spectra of the 109Ag NPs were collected in the range 300 to
600 nm on a Shimadzu 1800 UV-Vis instrument (Shimadzu
Corporation, Kyoto, Japan) using undiluted 109Ag NPs. The

surface charge was estimated from measurements of electro-
phoretic mobility on an undiluted 109Ag NP suspension (25 8C,
pH 7.6) using a Malvern Zetasizer Nano (Malvern Instruments
Ltd, Malvern, UK) equipped with a He-Ne 633-nm laser.

Reactivity and dissolution studies

The aggregation of the 109Ag NPs was evaluated at 15 8C by

dynamic light scattering (DLS) in MHW and deionised water
(DIW). To match as closely as possible the exposure con-
centrations used in the biological experiments, the lowest

particle concentrations at which agglomeration could be tested
was ascertained by testing 109Ag NP concentrations varying
from 10 to 1000mg L�l. The lowest 109Ag NP concentration at
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which sufficient signal for the DLSmeasurements was obtained

was 100mgL�1. Further tests were thus performed at this con-
centration. The size and surface charge of 109Ag NPs dispersed
in solution were monitored at regular time intervals (every

hour) for up to 24 h. Prior to each measurement, aliquots were
vortexed for 30 s and transferred to either a disposable sizing
cuvette or a zeta cell. Measurements were conducted using a
1738 backscatter angle of detection, with five replicate mea-

surements taken at each time interval.
The dissolution of the 109AgNPs wasmeasured over a period

of 7 days in MHW. Suspensions of 109Ag NPs (10, 100 and

1000 mgL�1) were placed in 60-mL dark plastic bottles
(Nalgene, Rochester, NY, USA) that were incubated at 20 8C
in the dark on an orbital shaker (IKA KS125, Ika Instruments,

Staufen, Germany) at 200 rpm. Total 109Ag concentrations were
measured (samples were acidified with concentrated HNO3 to a
final acid strength of 2% before ICP-MS analysis) in the
samples immediately after suspensions were prepared and

indicated that target NP concentrations were reached within
15%.Aliquots (5mL)were taken after 0, 4, 7, 24, 48, 96 and 170 h
for the highest concentration (1mgL�1), and after 24, 72 and

120 h for the lower starting concentrations (10 and 100 mgL�1).
Samples were inserted into Amicon Ultra-15 centrifugal filtra-
tion cartridges (3 kDa, Millipore, Billerica, MA, USA) and

centrifuged for 30min at 6000g at 20 8C (5810R Eppendorf
Centrifuge, Eppendorf AG, Germany). The dissolved 109Ag
concentration was determined in the filtrate using ICP-MS

(Agilent 7700�, Agilent Technologies, USA, limit of detection
(LOD) of 0.08 mgL�1). Blanks were included to control for
potential contamination from reagents and containers. Samples
were run in triplicate (i.e. at each time point three independent

samples were taken for each starting NP concentration). All
samples were kept in the dark to minimise Ag losses by photo-
reduction. The recovery of dissolved Ag under the experimental

conditions was assessed using AgNO3 (100 mgL
�1) by measur-

ing the dissolved Ag concentration at 0, 24 and 72 h.

Waterborne uptake experiments

Waterborne uptake experiments were conducted to characterise
109Ag uptake after exposure to 109Ag NPs dispersed in MHW as
well as to determine the rate constant of uptake fromwater (kuw).

In addition, a waterborne uptake experimentwas conductedwith
isotopically enriched 109Ag to characterise 109Ag uptake from
109Agþ (added as isotopically enriched 109AgNO3) in MHW at

concentrations below 0.1mgL�1. Speciation modelling (using
PHREEQC, USGS, USA[35]) indicated that 89% of the total Ag
added as AgNO3 occurred as Ag

þ in MHW. The averaged snail

dry weight varied among experiments from 2.4 to 6.0mg. For
each experiment, snails (n¼ 10) were randomly transferred to
acid-washed high density polyethylene (HDPE) containers filled

with 1 L of MHW spiked with different concentrations of either
109Ag NPs or 109AgNO3. Silver exposure concentrations ranged
from 6 ngL�1 to 4mgL�1 for 109Ag NPs and from 10 ngL�1 to
0.2mgL�1 for 109AgNO3, covering the range of concentrations

that might be expected in nature.[3] Snails were not fed during
the 24-h exposure period to minimise faecal scavenging. The
exposure was short enough to estimate unidirectional influx

but long enough to ensure sufficient Ag accumulation for
accurate detection. After exposure, snails were removed from
the experimental media, rinsed in ultrapure water and frozen.

Before and after the exposure, water samples (2mL) were taken
from each vial after gentle stirring, and acidified with concen-
trated nitric acid (BakerUltrex II grade, 2% final concentration).

Dietborne uptake experiments

Dietborne uptake experiments were conducted to characterise
109Ag uptake rates after exposure to 109Ag NPs in diet as well as
to determine rate constants of uptake from food (kuf). We used
the benthic diatom Nitzschia palea as a food source. Diatoms

were grown axenically for several generations in an S-diatom
medium.[36] They were harvested onto 1.2-mm Isopore mem-
brane filters (Millipore) and rinsed with soft water[33] to make
algal mats. We employed the protocol described by Croteau

et al.[27] to present the algae in a form the snails would ingest.
Briefly, we serially diluted suspensions of 109Ag NPs (Table S1
of the Supplementary material), which were poured onto algal

mats and filtered through under low vacuum (,1333 Pa) to
deposit particles. Small sections of the filters holding the dia-
toms amended with 109Ag NPs were sampled and dried for 24 h

at 40 8C before metal analysis. Total 109Ag concentrations
achieved in the diatoms ranged from 46 ng g�1 to 3mg g�1,
representing a range of Ag concentrations that can be found in

sediments in nature (i.e. from less than 0.1 mg g�1 in pristine
environments to up to 10 mg g�1 in contaminated systems[3]).

At each concentration, 10 acclimated snails were exposed to
diatoms amendedwith 109AgNPs for 3 h. Typically, L. stagnalis

avidly graze films of deposited diatoms.[21,27,32] Exposure was
shorter than gut residence time,[25] which minimises the con-
founding influences of efflux and isotope recycling. The short

exposures also allow determination of food ingestion rates and
Ag assimilation efficiency. Snails were exposed to the labelled
food in 150-mL acid-washed polypropylene vials that were

partially submerged in a 40-L glass tank filled with 20-L of
MHW. The animals were allowed to ingest a bolus of labelled
food, and then removed, rinsed with MHW, placed indivi-
dually in acid-washed enclosures and fed unlabelled food

(lettuce) ad libitum for 48 h. The label retained after complete
gut clearance defined ‘assimilation’.[37] After this depuration
period, snails were removed from enclosures and frozen. Faeces

produced by each snail were collected, placed in acid-washed
Teflon vials and dried for 24 h at 40 8C for metal analysis.
Aliquots of water (2mL) were taken immediately after labelled

feeding, as well as at the beginning and the end of depuration.
Water samples were acidified with concentrated nitric acid
(Baker Ultrex II grade, 2% final concentration).

Sample preparation and analysis

To minimise inadvertent metal contamination, labware, vials
and Teflon sheeting were soaked for at least 24 h in acid (15%
nitric and 5% hydrochloric), rinsed several times in ultrapure

water and dried under a laminar-flow hood before use.
Partially thawed L. stagnalis were dissected to remove soft

tissue, placed individually on a piece of acid-washed Teflon

sheeting and allowed to dry at 40 8C for 3 days. Dried snails,
faeces and diatoms were weighed and digested in concentrated
nitric acid, following the protocol described in Croteau et al.[27]

Similar weight samples of the certified reference material

DOLT-3 (dogfish liver, National Research Council Canada)
were submitted to the same digestion procedure during each
analytical run. All samples, blanks and standards were analysed

for the naturally occurring stable isotopes of Ag by ICP-MS
(Perkin Elmer, Elan 6000,Waltham,MA,USA). Two analytical
replicates were measured for each sample. A replicate consisted

of 15 individual measurements that were averaged. External
standards, serially diluted from ultra-pure, single-element
stock, were used to create calibration curves for each isotope.
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To account for instrument drift and change in sensitivity,
internal standardisation was performed by addition of germani-

um to all samples and standards, but not the calibration blanks.
The method detection limit for 107Ag and 109Ag in solution was
0.02 mg L�1, which translates into an Ag tissue concentration of

0.01 mg g�1 (i.e. 2.25mL of digested sample per 5mg of dry
weight). Measured Ag concentrations in the DOLT-3 were
consistently within the certified values. We also reanalysed
one of our standards after every 10 samples to ensure that

deviations from the standard value were less than 10% for the
analysed Ag isotopes.

Calculation of accumulated tracer concentration

We used an isotope tracing technique that allows tracking of
newly accumulated tracers, independently from background
levels.[20] Briefly, the relative abundance of 109Ag tracer
(i.e. p109) is determined using the signal intensities of each

Ag isotope in the calibration standards (Eqn 1). p109 averaged
0.4843� 0.0072 (standard deviation) for batches of samples
analysed on different days.

p109 ¼ intensity
109Ag

109Agþ 107Ag

� �
ð1Þ

Concentrations of tracer in the experimental organism
([109Ag]ê) are calculated as the product of p

109 and the total Ag

concentrations inferred by the ICP-MS software from the tracer
intensity ([T109Ag]):

½109Ag�ê ¼ p109 � ½T109Ag� ð2Þ

The pre-existing concentration (background) of Ag
([109Ag]ê

0) that occurred in each exposed snail is calculated
as the product of p109 and the total Ag concentrations inferred

from the intensity of the most abundant Ag isotope (107Ag):

½109Ag�0ê ¼ p109 � ½T107Ag� ð3Þ

The net tracer uptake (D([109Ag]ê) is derived from the total
experimental Ag concentration ([109Ag]ê, Eqn 2) minus the pre-

existing concentration of tracer ([109Ag]ê
0, Eqn 3):

D½109Ag�ê ¼ ½109Ag�ê � ½109Ag�0ê ð4Þ

Derivation of uptake rate constant, assimilation
efficiency and ingestion rate

The uptake rate constant from solution (kuw, L g�1 day�1) was
determined from the slope of the linear regression between
109Ag influx into the snail’s soft tissues and the total 109Ag
exposure concentrations ([109Ag]water) (data from the linear
portion of the curve). The uptake rate constant from food

(kuf, g g�1 day�1) was determined from the slope of the linear
regression between 109Ag influx into the snail’s soft tissues and
the total dietary 109Ag exposure concentrations (data from the
linear portion of the curve). Silver uptake from food was also

characterised by the 109Ag assimilation efficiency (AE, unitless)
and the food ingestion rates (IR, g g�1 day�1). Each was esti-
mated from amass-balance of 109Ag recovered in the snail’s soft

tissues (109Agsnail, ng) and in the faeces (109Agfaeces, ng) after
depuration. Silver AE for each experimental organism was
calculated using Eqn 5, and food IR during the labelled feeding

was determined using Eqn 6:

Ag AE ¼
109Agsnail

109Agsnail þ 109Agfaeces
� 100 ð5Þ

IR ¼ ð109Agsnail þ 109AgfaecesÞ
½109Ag�diatoms � wtsnail � T

ð6Þ

where [109Ag]diatoms (ng g
�1) is the measured 109Ag concentra-

tion in the diatoms mixed with the 109Ag NPs, wtsnail is the
snail’s dry weight (g) and T is the exposure duration (days).

2Theta

(c)

%
 o

f A
g 

pa
rt

ic
le

s

0

10.0

20.0

30.0

40.0

Size (nm)
5.0 10.0 15.0 20.0 25.0 30.0

R
el

at
iv

e 
in

te
ns

ity
 (

%
)

80.0 100.060.040.020.0

80.0

(d)(b)
(a)

20 nm

A
bs

or
ba

nc
e

0

0.500

1.000

1.500

Wavelengths (nm)
350 400 500 60060.0

40.0

20.0

0

Fig. 1. Characterisation of 109Ag nanoparticles showing (a) transmission electron microscopy image, (b) size distribution of the particles,

n¼ 100, (c) X-ray diffraction pattern with peak positionsmarked for metallic Ag ICDD [1087720] and (d) UV-Vis spectrum showing a plasmon

resonance peak at 400 nm.

M.-N. Croteau et al.

250



Results

Particle characterisation and reactivity studies

The mean particle size as determined from TEM images was
14.4� 4.6 nm (Fig. 1a, b). The 109Ag NPs were very stable, as
indicated by high zeta potential values (�47mV). The XRD

pattern confirms the presence of metallic Ag with no additional

phases detected (Fig. 1c). The UV-Vis spectrum shows the
appearance of a plasmon resonance peak at a wavelength
characteristic of nanosized Ag (Fig. 1d).

Dissolution of 109Ag NPs was assessed at three starting
concentrations: 10, 100 and 1000mg L�1. At the highest tested
concentration, apparent equilibrium was reached after 24 h of
incubation, which represented up to 2% of the initial mass

of 109Ag NPs (Fig. 2a). Slightly higher dissolution was obser-
ved in experiments with lower starting concentrations of 109Ag
NPs (inset Fig. 2a). Specifically, 6.9 and 6.2%of the initial mass

of 109Ag NPs dissolved at 10 and 100 mgL�1 respective starting
Ag NPs concentrations.

Total 109Ag concentration (i.e. particle and dissolved forms)

measured in the dissolution experiments with 10 and 100mgL�1

particle loading declined by 10-fold after 24 h of incubation
(data not shown). Loss of particles and dissolved Ag by sorption
onto the container walls might explain Ag loss at low 109Ag NP

starting concentrations. As a result, the dissolvedAg fraction for
a particle loading of 10 and 100mgL�1 might be underesti-
mated. Tests with Ag in the ionic form (added as AgNO3) at a

nominal concentration of 100mgL�1 (measured concentration
93 mgL�1) showed no loss of dissolved Ag by sorption onto the
container walls (i.e. total Ag concentration remained constant at

93� 0.7 mgL�1, n¼ 3, measured at time 0, 24 and 72 h).
Dissolved Ag loss was also negligible at the stage of centri-
fugal filtration in the experiments conducted with Ag added as

AgNO3 (i.e. Ag concentration in the filtrates remained constant
at 88� 0.9 mgL�1, n¼ 3, measured at 0, 24 and 72 h).

Aggregation of 109Ag NPs (100mg L�1) in DIW and MHW
was tested by measuring the hydrodynamic particle diameter

and surface charge. The initial particle dispersal (within 30min)
was similar in DIW andMHW (Fig. 2b). Particle destabilisation
appeared immediately after dilution in both media and may be

attributable to weak binding of the citrate on the nanoparticle
surface, which may have led to the loss of the capping agent.
After 30min, the average particle size (30 nm) was similar

between dispersions in both DIW and in MHW. However, at a
longer time scale (up to 24 h), a consistent and almost linear
increase of the hydrodynamic particle size (from 35 to 110 nm,
Fig. 2c) was observed in MHW, indicating some particle

aggregation. The surface charge of the particles changed
from �27.5� 2.7mV when dispersed in DIW to approxi-
mately �20mV when dispersed in MHW, thus indicating a

relatively stable suspension given the relatively low ionic
strength of the dispersion medium (,0.004M).

Ag background concentrations in snails

Snail Ag burden increased linearly with size (R2¼ 0.88,

P, 0.001, Fig. S1 of the Supplementary material). The slope of
the linear relationship indicates that the snail Ag background
concentration is 0.12� 0.01mg g�1, which is consistent with the

previous report of Ag background concentration in individuals
of that species reared in similar laboratory conditions.[32]

Waterborne exposures

Snails exposed to Ag added as AgNO3 at concentrations of less
than 0.15 mgL�1 did not accumulate Ag outside that of the
background (solid symbols, Fig. 3). One possible interpretation

is that Ag uptake did not begin below a threshold Ag concen-
tration of 0.15 mg L�1. But when snails were exposed to isoto-
pically enriched 109Ag, which allowed correction for snail Ag
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background, a linear uptake as a function of concentration was

evident from concentrations as low as 10 ng L�1 (open symbols,
Fig. 3). The uptake rate constant fromwater (kuw� 95%CI) for
109Agþ was 1.8� 0.6 L g�1 day�1. The absence of Ag uptake at
low concentrations in the experiments that did not use the stable

isotope tracer (solid symbols, Fig. 3) was caused by an inability
to differentiate newly taken up Ag from background Ag in the
organism. Comparable Ag uptake rates were measured with and

without using a tracer at the two moderately high exposures
(0.1–0.2 mgL�1).

Snails exposed to 109Ag NPs dispersed in MHW at a

concentration of 6 ng L�1 accumulated 1 ng of 109Ag per gram
of tissue (open symbols, Fig. 4a). This accumulation was
detectable only because the Ag NPs were labelled with isotopi-

cally enriched 109Ag. Exposure concentrations nearly two
orders of magnitude higher were required to detect Ag uptake
in L. stagnalis after exposure to unlabelled citrate-capped Ag
NPs (solid symbols, Fig. 4a). Exposing snails to increasing

concentrations of 109Ag NPs dispersed in MHW showed that
109Ag from the nanoparticles was accumulated over a wide
range of concentrations, i.e. from the background Ag expected

in a pristine environment to concentrations deemed ‘environ-
mentally extreme’, i.e. above a few micrograms per litre.[3]

Although a notable break in the relationship between 109Ag

influx and concentration appeared at exposure concentrations
slightly lower than 0.1 mgL�1, a statistically significant linear
relationship (P, 0.001) was observed over the entire range of
data (compilation for three experiments). The kuw for 109Ag NPs

was 0.52� 0.03 L g�1 day�1 when using the entire dataset
whereas kuw varied from 0.51 to 0.85 L g�1 day�1 for each
experiment. This variability appears related to the size of the

organisms (Fig. S2 of the Supplementary material). The size
dependence of kuw suggests a greater sensitivity of young snails
to waterborne Ag (Fig. S2).

Dietary exposures

As low as 1 ng g�1 of newly accumulated Ag was detectable in

L. stagnalis soft tissues when dietary Ag exposure was
,40 ng g�1. Exposure concentrations 40-times higher are req-
uired to detect Ag uptake from unlabelled Ag NPs (Fig. 5). That

is, in the absence of a tracer, the lowest detectable Ag uptake into
L. stagnalis soft tissues (160 ng g�1) was achieved at a dietary
Ag concentration of ,2mg g�1, which is equivalent to the Ag

concentration found in a contaminated sediment or benthic
microflora.[38] This tissue concentration (160 ng g�1) represents
,0.2 ng of Ag (for the size and weight of snails used in these
experiments), which is 50-times higher than what can be

detected using 109Ag NPs. Variability in Ag uptake rates among
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individuals was considerably less in the 109Ag NP experiments.

Dietary uptake of Ag from 109AgNPs was reasonably linear over
a very wide range of concentrations, i.e. from 45ng g�1 to
3mg g�1. The rate constant of Ag uptake from food (kuf � 95%

CI) for the 109Ag NPs was 0.05� 0.01 g g�1 day�1, which is
only 6%of the rate constant of uptake for dietaryAg (i.e. diatoms
pre-exposed to AgNO3) under the same conditions (kuf of

0.81� 0.03 g g�1 day�1).[32]

Silver from the 109Ag NPs was efficiently assimilated by
L. stagnalis when mixed with diatoms. Silver AE (% � s.d.)

varied from 39� 7 to 61� 6 (Table S2 of the Supplementary
material). A similar range of Ag AEs has been reported for
L. stagnalis exposed to higher concentrations of unlabelled Ag
NPs in their diet (45–64%).[32] Food IR did not vary among

exposure concentrations when snails ingested diatoms mixed
with 109Ag NPs (Table S2). Specifically, food IR (�s.d.)
averaged 0.11� 0.04 g g�1 day�1 when exposure concentra-

tions ranged from 1 to 3mg g�1. It was not possible to perform
mass-balance calculations for the lowest exposure concentra-
tions (,1 mg g�1) as no tracer was detected in the faeces.

Discussion

Ag NP dissolution and aggregation

Dissolution of Ag NPs has been extensively studied, in partic-
ular for citrate-coated Ag NPs, as citrate is one of the most

common capping agents used in the synthesis of Ag NPs.[39–43]

Dissolution rates of Ag from citrate Ag NPs vary widely,
however. For example, Liu and Hurt[40] reported a complete
dissolution of Ag NPs and thus concluded that citrate-coated

Ag NPs will not be persistent in environmental compartments
containing dissolved oxygen. In contrast, Kittler et al.[41]

observed dissolution ranging from 10 to 70% depending on

temperature and the initial particle concentration. However,
comparison of dissolution among studies even for particles with
the same coating is complicated because of differences in pri-

mary particle size, particle concentration, the physico-chemical
characteristics of the dissolution media (e.g. ionic strength, the

presence of organic matter, temperature, pH), as well as by the

methodology used to measure dissolution.[43–46] Our results
indicated that dissolution of 109Ag NPs was relatively low in
MHW. However, the proportion of dissolved 109Ag estimated

using a starting 109AgNP concentration of 1000mg L�1might be
an underestimation of the dissolved fraction at lower Ag NP
concentrations such as those used in our biological experiments
(i.e. from 6 ngL�1 to 4mgL�1). Using a very simple matrix

(0.05M NaNO3) and Ag concentrations ranging from 0.5 to
2.7mgL�1 and from 32 to 130mgL�1, Hadioui et al.[46] showed
an increase in the proportion of dissolved Ag with decreasing

Ag NP concentration. Because determining dissolution at
such low concentrations is analytically challenging, it remains
unclear if the same trends would be observed in more complex

media where Ag NP agglomeration, Ag complexation or Ag
precipitation may occur.

Although particle aggregation occurred over the course of
our biological experiments (Fig. 2c), most of the 109Ag NPs

remained suspended in MHW for the duration of the experi-
ments. Despite a 3-fold increase in particle size (from 35
to 110 nm over 24 h), the aggregate size remained relatively

small and within the nanosize regime. The influence of the ionic
strength (IS) of the dispersion medium on the aggregation of
citrate-coated Ag NPs has been reported in several studies. For

example, El Badawy et al.[47] observed a 50-fold increase in
average particle size of citrate-capped Ag NPs (TEM size
20 nm) when dispersed in 100mM NaNO3 and an 80-fold

increase when dispersed in 100mM Ca(NO3)2. Aggregation of
the particles was more affected by the presence of divalent
cations such as Ca andMg.[48] Li and Lehnart[43] also observed a
significant increase in hydrodynamic particle size (10-fold

within 6 h and micrometer sized aggregates formed within
24 h) of citrate-coated Ag NPs (82 nm, DLS size) upon disper-
sion in natural surface water (pH 7.7, IS ,9.9mM). An even

more drastic increase in Ag NP size was observed by Zhang
et al.[45] who reported a 150-fold increase in particle size of
20 nm for citrate-coated AgNPs upon dispersion in quarter-

strength Hoagland medium (IS,7.4mM). Li et al.[49,50]

reported critical coagulation concentrations (CCCs) of 40 (IS
,40mM) and 2mM (IS ,6mM) for citrate-coated Ag NPs in
monovalent (NaCl, NaNO3) and divalent electrolytes (CaCl2).

The ionic strength of theMHW (,4mM) is well below the CCC
reported by Li et al.,[49,50] suggesting that aggregation was less
likely. In addition, there is some evidence in the literature that

the concentration of nanoparticles also affects their aggregation
with higher aggregation observed at higher concentrations
because of a higher probability of particle collisions.[12,14]

Effect of aggregation and dissolution on bioavailability

Ag NPs are typically stabilised against aggregation by adsorp-

tion or attachment of organic compounds, which thus act as
capping agents. However, these coatings, if bound to the surface
by simple electrostatic forces, can be easily removed once
particles are dispersed into experimental media, with possible

effects on nanoparticle stability and bioavailability.[51] For
example, aggregation of Ag NPs has been linked to a loss of
antibacterial activity,[52,53] and has led to the hypothesis that

aggregation of Ag NPs mitigates toxicity for natural bacterial
assemblages.[4] The Ag bioaccumulation data reported here for
L. stagnalis suggests that observed or potential changes in

aggregation over the wide concentration range tested did not
havemuch effect on 109AgNP bioavailability. It should be noted
that, in the present study, it was not possible to measure particle
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aggregation at the low concentration range used in the biological

experiments (i.e. below 100mgL�1). A more direct study of
how agglomeration and aggregation influences bioavailability
is certainly warranted and should include determinations of

changes in particle size over a wide concentration range, along
with direct determinations of how toxicity or bioavailability
changes.

Dissolution may have influenced Ag bioavailability to

L. stagnalis, especially at low waterborne exposure concentra-
tions (,0.1mg L�1). We modelled that influence by assuming
that 7% of each total Ag concentration (from 109Ag NPs) had

dissolved during the 24-h exposure to 109Ag NPs dispersed in
MHW, based upon the observation that 109Ag NPs were mar-
ginally soluble at 1000mg L�1 and only slightly more soluble

down to 10 mgL�1 (Fig. 2a). Influx of 109Ag in L. stagnalis

(109Aginflux) from the dissolved 109Ag was predicted using the
first terms of Eqn 7 where kuw

Agþ and kuw
AgNP are the rate constants

of uptake for 109Agþ and 109Ag NPs, and [109Ag]ns and [109Ag

NPs] are the concentration of the newly solubilised 109Ag and
109Ag NPs.

109Aginflux ¼ kAg
þ

uw � ½109Ag�ns þ kAgNPuw � ½109AgNPs� ð7Þ

where kuw
Agþ� [109Ag]ns is the contribution of dissolved 109Ag

and kuw
Ag NP� [109Ag NPs] is the contribution of 109Ag NPs.

As shown by the dotted line in Fig. 4a, the predicted 109Ag
influxes in L. stagnalis from exposure to newly solubilised
109Ag match the observed influx when exposure concentrations

are below ,0.1 mgL�1. As exposure concentrations increase
into the range where solubility was directly tested, the propor-
tion of uptake explained by the dissolved 109Ag declines.

We also used Eqn 7 to determine the contribution of 109Ag
NP uptake by subtracting the predicted 109Ag influx after
dissolved 109Ag exposure (above) from the observed 109Ag
influx (Fig. 4a). Comparing the relative contribution of each
109Ag form to the overall 109Ag influx in L. stagnalis, we found
that nearly 70% of the observed 109Ag bioaccumulation at the
low exposure concentrations (i.e.,0.1mg L�1) can be explained

by uptake of dissolved 109Ag from newly solubilised 109Ag
(Fig. 4b). Considering the recent evidence that points towards a
significant increase in the proportion of dissolved fraction

relative to the nanoparticulate fraction at low nanoparticle
concentrations (at least in simple media[46]), it seems that direct
Ag NP uptake from water may not be the most important source
of Ag for the biota at environmentally realistic exposure con-

centrations (i.e. ,0.1mg L�1), at least in L. stagnalis. At expo-
sure concentrations higher than 0.1mg L�1, we estimated that
80% of the bioaccumulated 109Ag concentration in L. stagnalis

originated from the 109Ag NPs (Fig. 4b). Higher dissolution of
Ag from Ag NPs (the above predictions assumed 7% dissolu-
tion)would decrease the importance ofAgNP uptake. The break

in the linear uptake of 109Ag in L. stagnalis after 109Ag NP
exposure at concentrations ranging from 43 to 76 ngL�1

(Fig. 4a) suggests that Ag bioaccumulation processes may be

driven by dissolution at low concentrations but by processes
more complex than simple dissolution of Ag from Ag NPs at
higher concentrations.

Background metal concentrations

Background metal concentrations can impede detection

of metal uptake after environmentally realistic exposures.
For example, Dybowska et al.[15] showed that dietary Zn con-
centrations as high as 5000 mg g�1 are required to detect Zn

accumulation in the snail L. stagnalis beyond that of the back-

ground. However, an exposure concentration of 5000 mg g�1

represents a Zn concentration above the highest observed in
polluted environment.[38] The present study shows that this

limitation applies not only to essential trace elements like Zn and
Cu, but also to rare and non-essential trace elements like Ag. For
example, the Ag background concentration of freshwater snails
reared in the laboratory is ,0.1 mg g�1, whereas that of field

collected animals is typically higher.[54,55] Background metal
concentrations thus need to be accounted for whether animals
are collected from nature or cultured in the laboratory. This is

especially important when using low exposure concentrations
because erroneous conclusions might be inferred. For example,
a lack of detectable accumulation after exposure to a low metal

concentration might be incorrectly ascribed to low metal bio-
availability or physiologically regulated uptake processes.

One option to circumvent the confounding influences of
background concentrations is to determine metal concentration

in a subsample of unexposed organisms (for example, the
controls) and subtract this ‘background’ from the concentration
measured for each experimental organism. Although used

frequently, this approach has several caveats, among which
(i) individual variability in the background metal concentration,
which can be as high as 75%,[16] is ignored, thereby generating

large errors, especially at low exposure concentrations, (ii) the
net concentration taken up at low exposure levels is a small
difference between two larger numbers, adding uncertainty to

the interpretation, (iii) as a result, environmental studies are
forced to use high exposure concentrations that are atypical of
environmental conditions to allow detection above background
and (iv) performing mass-balance calculations is a challenge

when the ‘newly accumulated’ metal concentrations can’t be
accurately detected in faecal material and surrounding media.

Advantages of using a tracer

The number of ecotoxicological studies involving engineered
AgNPs has increased dramatically in recent years. However, the

difficulties noted above and the need to trigger detectable effects
have meant that much of the available literature is based on
unrealistically high exposure concentrations.[4–7] Although the
use of unrealistically high exposure concentrations can provide

worst-case exposure scenarios, atypical behaviour and proper-
ties of NPs at high concentrations like aggregation[12–14] make
this assumption questionable.

As a result of the ability to circumvent the confounding
influences of background Ag concentrations, the use of
stable isotope tracers allowed study of the bioaccumulation

of Ag NPs down to extremely low exposure concentrations.
Ag has only two natural stable isotopes, i.e. 107Ag and 109Ag
whose relative abundances are 51.8 and 48.2%,[55] which is the

most unfavourable scenario for tracing. However, overcoming
the limitations posed by the snail natural Ag background
concentration is possible when isotopically enriched Ag is used
as a tracer. As shown in Fig. 3 (white circles), exposing snails

for 24 h to aqueous Ag in the form of isotopically enriched
109Ag at concentrations as low as 10 ng L�1 yielded detectable
Ag accumulation into snail’s soft tissues. Similarly, the use

of labelled Ag NPs allowed detection of as little as 3 pg of
newly accumulated 109Ag in the snails’ soft tissues after 24-h
exposure to 109Ag NPs dispersed in water at a concentration

of 6 ngL�1 (Fig. 4a, white circles). The capability to detect
low accumulated Ag concentrations in tissues also allows
characterisation of the physiological mechanisms governing

Ag uptake in non-stressed organisms, i.e. in organisms whose
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physiological and biochemical processes are not already altered

by an excessive Ag exposure dose.[18,19]

Moreover, comparing mass-balance calculations performed
using a tracer to those obtained using unlabelled Ag NPs raises

the question of how reliable are conclusions on Ag bioavailabil-
ity drawn after low exposures without using a tracer approach.
For example, Croteau et al.[32] concluded that food palatability
decreased with increasing concentrations of unlabelled Ag NPs

in a diet. However, our results rather suggest that whenever there
are Ag NPs in the diet, at concentrations that are environmen-
tally relevant, food palatability is impaired but not in a concen-

tration-dependent manner. Specifically, food IR averaged
0.11 g g�1 day�1 for the three exposure concentrations for which
mass-balance calculations could be performed (Table S2). This

averaged food IR is lower than the feeding rates reported for
‘unchallenged’ L. stagnalis (control) that can vary from 0.5 to
0.9 g g�1 day�1.[25] A low-threshold particle-specific feeding
inhibition, that is not concentration-dependent, has been

observed whenever Cu-bearing Fe-Al particles were mixed in
the diet of L. stagnalis.[21] A possible explanation for the
discrepancy in the food IR estimates at low Ag NP concentra-

tions for the labelled and non-labelled particles includes the
difference in the detection limits of the two approaches. There is
a 50-fold difference in the smallest amount of Ag that can be

detected when a tracer is used or not (Table S3 of the Supple-
mentary material). As a result, more uncertainty surrounds
mass-balance calculations performed close to detection limits,

especially in the absence of a tracer.

Conclusions

Silver uptake rates in L. stagnalis from citrate-capped 109AgNPs
from food and water are statistically linear over concentrations
ranging from close to the natural background of Ag to con-

centrations unlikely to occur in even the most contaminated
environments. However, Ag uptake rates in L. stagnalis fluc-
tuate notably when exposures ranged from 43 to 76 ng L�1. We
ascribe this ‘break’ in the linearity of the relationship to a shift

from uptake of mostly dissolved Ag (at the lower concentra-
tions) to uptake from mostly Ag NPs (at higher concentrations).
Increased dissolution in the extremely low concentration range

tested (i.e. ,0.1mgL�1) could potentially influence bioavail-
ability, but no such increase was necessary to explain the present
results. Chemical determinations (e.g. centrifugal ultrafiltration

techniques, ion-exchange resin, single particle ICP-MS) of these
processes in relevant media and at relevant concentrations are
essential in future studies[46] but are often quite challenging
without tracers. In lieu of integrated chemical and biological

data, it is probably best to be cautious when assuming the
degree of dissolution or aggregation at different concen-
trations and, in particular, the influences of either on bioavail-

ability. Chemical data alone are not necessarily predictive of
influences on bioavailability; direct biological studies are
required. The stable isotope tracing approach provides a

powerful tool to better investigate bioavailability at environ-
mentally realistic concentrations.
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